Engineered nanomaterials (ENMs) are currently widely incorporated in the outdoor urban environmental fabric and numerous new applications and products containing ENMs are expected in the future. As has been shown repeatedly, products containing ENMs have the potential, at some point in their lifetime, to release ENMs into their surrounding environment.
Introduction
Today, 54% of the world's population lives in urban areas, and is expected to increase to 66% by 2050 (United Nations, 2014) . The presence of such concentrated populations has profound impacts on the environment (Lyons and Harmon, 2012) such as decreased green space, increased impervious cover, increased traffic density, and increased human activities in confined areas. Therefore, urbanization results in increased emissions of pollutants within more densely populated areas, increased pollutant deposition (wet/dry) on impervious cover, reduced stormwater infiltration, increased surface runoff, etc. Stormwater carries contaminants deposited on impervious surfaces to adjacent surface waters (Tixier et al., 2011; Wong et al., 2006) . Thus, urbanization results in an enhanced transport of significant quantities of contaminants (e.g. metallic and organic) to nearby surface waters resulting in deterioration of water quality and increased threats to environmental and human health (Ancion et al., 2010) . The term "urban geochemistry" was coined by Thornton in 1990 to describe "the interface of environmental geochemistry and urban pollution", which has become an important scientific discipline and portrayed as a current "frontier" scientific area (Jartun and Ottesen, 2011; Lyons and Harmon, 2012; Wong et al., 2006) . So far, little attention has been given to emerging contaminants such as engineered nanomaterials and their potential role as a vector for other contaminants (Yan et al., 2015) . ENMs are generally defined as materials with at least one dimension in the size range of 1-100 nm (Christian et al., 2008; Klaine et al., 2008) . Nonetheless, different governmental and international agencies have more specific definitions that we have summarized and reviewed elsewhere (Baalousha et al., 2014) .
As a major product of the nanotechnology industry, ENMs are widely used in the context of the outdoor urban environment. Examples include ENMs used in conjunction with self-cleaning surfaces, paint and other coatings, and other applications and are summarized below (Munafò et al., 2014; Pazokifard et al., 2013) . ENMs can be released from nano-enabled products and applications in the outdoor urban environment and find their way to the surrounding environment. For instance, recent studies have provided evidence that leached Ag-ENMs and TiO 2 -ENMs from exterior façades and TiO 2 -ENM in sunscreens may be important inputs of Ag and TiO 2 -ENMs into streams (Gondikas et al., 2014; Kaegi et al., 2008; Kaegi et al., 2010) .
So far, significant attention has been given to characterize the occurrence and transformations of ENMs in waste water treatment plants (WWTPs), as they are predicted to be one of the major conveyances of ENMs to the environment (Gottschalk et al., 2009; Gottschalk et al., 2013) . However, little attention has been given to the occurrence and transformations of ENMs and incidental nanomaterials (INMs; those nanomaterials unintentionally generated as a 4 side product of anthropogenic processes) in urban runoff. In terms of the urban atmospheric environment, INM emissions from vehicular sources have been studied extensively and are often regulated (Kumar et al., 2014) , but the potential presence of airborne ENMs in outdoor urban environments has gained little attention. Given the current knowledge gap regarding NMs (ENMs and INMs) in the outdoor urban environment, this article aims to provide an overview of the potential occurrence, transport and transformations of NMs in the outdoor urban environment by critically reviewing: 1) the applications of ENMs in the context of the outdoor urban environment, 2) the recently published data on release of ENMs from novel nano-enabled applications in the outdoor urban environment, 3) the available literature on the occurrence of INMs in atmospheric and dust particles, 4) the potential transformations and pathways of NMs in the outdoor urban environment, and lastly 5) the research priorities to advance this emerging field of study to assess potential risks of NMs in the urban environment. In addition to the literature review, the article also presents three case studies to demonstrate the occurrence of numerous types of NMs (e.g., FeO x , TiO 2 , ZnO, CePO 4 , ZrSiO 4 , and others) in the urban environment (i.e., atmospheric particles, water and sediments from stormwater ponds, and surface waters). This article also reviews studies on both ENMs and INMs due to the challenges in differentiating between these two types of NMs found in the environment using current stateof-the-art methods.
Applications of ENMs in the urban environment
Nanotechnology is a rapidly growing innovative technology that exploits the novel properties of ENMs to develop new products and enhance the performance of existing products (Baalousha et al., 2014; Christian et al., 2008) . "Urban nanotechnologies are products, structures, and processes using ENMs that are embedded in the "urban fabric", that is the dynamic, spatially-agglomerated complex of activities, buildings, infrastructures, technical devices, ecosystems that comprise the contemporary metropolis (Wiek et al., 2013) " and are currently growing rapidly. In the outdoor urban environment, ENMs can be found in a wide range of applications (Table S1 ) such as scratch resistant surface coatings, fuel additives to enhance fuel efficiency, superior paints, hydrophobic surfaces to repel water and dirt, wood coatings to prevent discoloration, self-cleaning surfaces, photocatalytic concrete pavements, photovoltaic materials covering building surfaces to harness sunlight and locally generate electricity, moisture adsorbents, high-performance tires, antireflection layers for road signs and panels, better road markings, and improving incineration processes (Adachi, 2006; Dylla and Hassan, 2012; Lee et al., 2010; OECD., 2014; Ugwu, 2013; van Broekhuizen and van Broekhuizen, 2009; van Broekhuizen et al., 2011; Wiek et al., 2013; Yu et al., 2012) ..
One particular example of significant importance for environmental release of ENMs in the context of the outdoor urban environment is the growing use of ENMs for self-cleaning glass and building façade painting in the urban environment. The worldwide coatings market is expected to reach $107 billion by 2017 (Global Industry Analysts Coatings, 2012) . The unique properties of ENMs (Table S1 ) make them of significant interest for developing new paint and coating formulations capable of satisfying many conditions and application requirements, e.g., preventing microbial growth on surfaces, erosion and abrasion resistance, preventing paint degradation by UV light, etc. Major factors driving growth in the self-cleaning coating market include rapid industrialization of new economies and increasing demand for end-use sectors, e.g. the automotive and construction sectors. For instance, eight million square meters of façades treated with biocidal coatings are built in Switzerland every year (Künniger et al., 2014) .
Self-cleaning glass, used for example on the roof structure of St Pancras Station in London (covering 10,000 m 2 and using 18,000 panels of self-cleaning glass), is covered by a TiO 2 ENM catalyst which breaks down deposited atmospheric particles in the presence of sunlight (Winkless, 2013) . TiO 2 ENM coating the self-cleaning windows can then be released slowly overtime due to coating weathering (see discussion below).
The Wilson Center's inventory of consumer products enhanced with ENMs lists 355 products in the "Home and Garden" category, which includes paints and other construction materials (Vance et al., 2015) . Currently, it is estimated that 10-30% of TiO 2 , 30% of ZnO, 5-10% of CeO 2 and 10-30% of Ag ENMs produced worldwide are used in paint and coatings (Piccinno et al., 2012) . Even traditional pigments (e.g. TiO 2 ) contain a nanosized fraction; 36% of particles are below 100 nm (Weir et al., 2012) , that is NMs according to widely accepted NM definition. This is because the large majority of commercially produced particles are highly polydispersed (Baalousha and Lead, 2013) . The release of ENMs from these outdoor urban nanotechnologies represents both a direct and diffuse pathway into the environment.
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Nevertheless, nano-enabled products may also replace other toxic substances commonly used in the urban environment in façade coatings and paints (U.S.EPA., 2011), and thus a benefitrisk balanced approach should be adopted in evaluating the use of ENMs in the urban environment.
Large-scale, nano-enabled surfaces of urban buildings and other infrastructures are exposed to wind, rain, ice, and other variable weather conditions, thus triggering ENM erosion that can lead to air/water transport and deposition of these ENMs into/onto soil, surface water, and impervious surfaces (Künniger et al., 2014) . ENMs used in fabrics (e.g. ropes, sails, tents, traps) can be washed away with rainwater, as Ag ENMs are released from fabrics when washed (Benn and Westerhoff, 2008) . ENMs used in paint (e.g., Ag and TiO 2 ) have also been shown to be released into urban runoff in simulated rainy weather conditions (Kaegi et al., 2008; Kaegi et al., 2010) .
Several studies have focused on the release of ENMs (TiO 2 , Ag and SiO 2 ) from photocatalytic surfaces and paint under simulated/field rainwater conditions (Table S2) , and are thus reviewed here in detail as an example of one of the major applications of ENMs in the outdoor urban environment. These studies suggest that the use of photocatalytic coatings with surface-bound ENMs may entail new entries of ENMs into the environment (atmosphere, soil and surface waters; Künniger et al., 2014) . Among the first studies on the release of ENMs from paint to urban runoff and surface waters, Kaegi et al. (2008 Kaegi et al. ( , 2010 reported a release of ca. 10 mg m -2 of Ti (equivalent to 16.7 mg m -2 TiO 2 ) from fresh paint under ambient weathering (natural rain) conditions accumulated over one month, which are similar to those measured under the harshest conditions (presence of NaCl + HA under UVA) in lab-simulated rain events (Olabarrieta et al., 2012) . Tests on well-known commercial photocatalytic coating products (e.g.
Pilkington Active TM , which consists of a 12-15 nm thick nanocrystalline film of anatase TiO 2 according to the manufacturer data) and experimental photocatalytic coatings demonstrate the slow but persistent release of TiO 2 ENMs from these coatings under water flow. The cumulative release of TiO 2 ENMs over four weeks (0.06 to 4.11 mg m -2 for Pilkington Active TM and 0.12-20.07 mg m -2 for the experimental coatings) was dependent on the coating, as well as the aging conditions (e.g., water matrix and irradiation; Olabarrieta et al., 2012) . Three mechanisms were suggested to explain the release of TiO 2 ENMs from photocatalytic coatings: 1) agglomerates are stripped off of the coatings by water flow, 2) dispersion of TiO 2 agglomerates occurs in the presence of NaCl and UV light, and 3) direct liberation of TiO 2 ENMs from siliceous matrices can occur as a consequence of its loosening due to mechanical damage of the paint (Olabarrieta et al., 2012) . Being aware of these mechanisms is crucial to the understanding of the 7 environmental behavior, fate and effects of the released ENMs. While the agglomerate stripping mechanism by water flow will lead to the emission of large TiO 2 agglomerates which will likely settle out into the bottom sediments, both dispersion of ENM agglomerates and liberation of non-agglomerated ENMs from siliceous matrices will lead to more persistent suspension in the water column, resulting in transport over long distances. Despite the importance of ENM aggregation processes in controlling their environmental behavior and potential removal from the water column, recent studies have demonstrated that at low (ca. ng to μg L -1 range) environmentally relevant concentrations, ENM aggregation becomes less important (Baalousha et al., 2015b) .
Other studies point out that the release rates of TiO 2 and SiO 2 ENMs from façade coatings is very low (see values and details of experimental condition of each study in Table S2 ) and in most cases they are released as ENMs bound to large paint particles, which is likely to reduce the nano-scale effects (Al-Kattan et al., 2015; Al-Kattan et al., 2013; Kaegi et al., 2010; Olabarrieta et al., 2012; Zuin et al., 2013; Zuin et al., 2014) . However, this may lead to hot spots of ENMs in sediments in stormwater detention ponds and in sediments in receiving water bodies. Higher release values (ca. 10-35%) are typically reported for Ag ENMs (Kaegi et al., 2010; Künniger et al., 2014) . Some studies have demonstrated the release of Ag ENMs from paint in the particulate form (Kaegi et al., 2010) , whereas other studies did not find any particulate silver (Künniger et al., 2014) . Künniger measured a loss of 10-35% of Ag from paint based on measuring residual Ag in paint, and only < 1% based on analysis of Ag in the runoff (Künniger et al., 2014) .They suggested that the released Ag may take different pathways to the environment other than runoff, such as atmospheric transport and migration to soil. Some studies report an exponential decrease in the release of ENMs over time (Kaegi et al., 2010) , whereas other studies found no trend in the concentration of the released ENM over time (Al-Kattan et al., 2015) . Such decrease in released ENM concentrations would occur if initially loosely bound particles on the paint surface are washed off. Other studies reported an increase in the release of ENMs with aging due to loosening of the ENMs on the surface by destruction of organic polymer coatings by the UV irradiation (Al- Kattan et al., 2013) .
Paint formulation (type and concentration of binder and concentration of calcite filler) is an important factor determining the release of SiO 2 ENMs. A higher proportion of binder forms a suitable matrix to hold ENMs (e.g. SiO 2 ) in paint, and thus adjusting paint formulation could reduce the release of ENMs to the environment (Zuin et al., 2014) . Higher release of Si, about 1.7 wt. % of the SiO 2 ENMs, for the paint formulated with a higher content of PVC (63%), suggests that the PVC is a crucial factor for the release of SiO 2 ENMs from paint. Lower release 8 of Si from paints with higher amounts of binder and less calcite filler among the paints with low PVC value (35%) and no SiO 2 ENMs were detected in the leachates from these paints (Zuin et al., 2014) . However, the leachate pH in this study (ca. 7.8-8.5 ) was considerably higher than rainwater (ca. 4.5-6.0; Balasubramanian et al., 2001; Granat, 1972) and thus may not be representative of natural rain water conditions. So far, there is no systematic investigation of the impact of temperature on the extent and rate of ENM release from paint and façade and some studies did not report the temperature under which the release experiments have been performed (Kaegi et al., 2008; Kaegi et al., 2010) . Temperature is likely to be a crucial determining factor, especially in hot geographical locations, which may result in faster weathering (corrosion) of the paint, thus promoting enhanced release of ENMs.
Release of incidental nanomaterials in the urban environment
INMs are generated continuously in large amounts in the outdoor urban environment by automobiles, incinerators, smelters, power plants, and industries in urban areas (Buseck and Adachi, 2008; Kumar et al., 2014) . INMs may be released from these sources in particle form or formed in the atmosphere as a product of the reaction of gaseous emissions, such as secondary organic aerosols (George et al., 2015; Kroll and Seinfeld, 2008) . In the urban environment, the great majority of INMs are (at least initially) airborne, adding to a major background of naturally-occurring atmospheric NMs (Buseck and Adachi, 2008; ; Hochella et al, 2012) , and a lesser but still critical and growing amount of airborne ENMs. Airborne NMs occur in widely diverse settings across the globe, with least abundance (number concentrations) in the polar regions and highest abundance in urban areas, where anthropogenic sources dominate (Buseck and Adachi, 2008) . Although NMs contribute a negligible portion of the total mass of particulate matter (PM), they are the dominant fraction in terms of particle number, reaching three orders of magnitude higher than larger particles (Kukutschová et al., 2011) .
Numerous studies over the past two decades has focused on the ultrafine fraction (≤100 nm) of atmospheric PM, traditionally referred to as the nucleation (1 -10 nm) and Aitken (10 -100 nm) aerosol modes. Although the terms "ultrafine particles" (UFP) and "airborne NMs" are sometimes used interchangeably, the latter frequently refers to ENMs and occasionally to particles smaller than 50 nm (Morawska et al., 2009) . In this paper, we refer to airborne or atmospheric NMs as an encompassing term for both ENMs and INMs.
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The majority of NM studies in the urban environment have been performed in the context of air quality and has focused on measuring particle size and number concentration, with some efforts addressing the more challenging issues of chemical composition and transformations.
There have been great advancements brought by real-time instrumentation, such as aerosol mass spectrometry and aerosol time-of-flight mass spectrometry, used to measure sizeresolved concentrations of non-refractory components of PM (e.g., organics, sulfates, nitrates, ammonium; Healy et al., 2009; Nash et al., 2006; Reinard et al., 2007) . Some effort has also been put into quantifying bulk metal concentrations in different size fractions of PM (e.g., PM 10, 2.5,1 and ultrafine), using methods such as inductively-coupled plasma atomic emission spectroscopy/mass spectrometry (Wang et al., 2013) . Over the last decade, a significant number of researchers have applied scanning and transmission electron microscopy techniques coupled with elemental analysis capability to characterize single-particle chemistry, morphology, and crystallinity, which are likely to be crucial factors in determining their environmental fate, behavior, and effects (Morawska et al., 2009; Quadros and Marr, 2010; Sanderson et al., 2014) .
However, as is the case for aquatic and terrestrial environmental compartments (Montano et al., 2014; von der Kammer et al., 2012) , full chemical characterization (detection and quantification) of atmospheric NMs represents a significant challenge to the scientific community (George et al., 2015; Grassian, 2008) .
In the urban environment, INMs (and some ENMs) can be released by vehicles via engine combustion exhaust, brake pad and tire abrasion, and paint and self-cleaning surface degradation (Table S3 ). While vehicular exhaust emissions are mostly composed of individual INMs, non-exhaust emissions and other sources are more likely to emit NMs that are attached to larger particles. In urban environments, traffic-related emissions (exhaust and non-exhaust) are the dominant source of particles by number (Kumar et al., 2011; Thorpe and Harrison, 2008) and over 99% of particle emissions fall under 300 nm (Kumar et al., 2014) . Traffic-related PM constitutes a significant source of diffuse metal pollution in urban waters (Sanger et al., 1999) .
Some studies have identified and characterized metal-based NMs in traffic-related emissions (Table S3 ; Adachi and Tainosho, 2004; Barrett et al., 2010; Kukutschová et al., 2011; Mirabedini et al., 2012) . These studies have identified different phases of metal-containing NMs including zero-valent metals, metal oxides, chromates, carbonates, phosphates, alloys, etc.
within nanoscale as well as larger particles (Table S3 ).
There has been an extensive focus on studying exhaust emissions, but non-exhaust emissions have also been found to contribute to particulate matter in urban cities. Omstedt et al. (2005) estimated that break and tire wear may release between 6 and 30 mg (vehicle km) -1 , compared to 20 -30 mg (vehicle km) -1 for exhaust emissions (Omstedt et al., 2005) . For instance, zinc oxide is added as an activator during the vulcanizing process, comprising 0.4-4.3% of the resulting tire tread (Smolders and Degryse, 2002) , and Zn from tire dust is a significant pollutant in soil (Councell et al., 2004; Smolders and Degryse, 2002) , air (Rogge et al., 1993) , street dust (Fergusson and Kim, 1991) , and urban runoff (Davis et al., 2001) . Tire tread contains other metals such as Mn, Fe, Co, Ni, Cd, and Pb (Fukuzaki et al., 1986) . Omstedt et al. (2005) found tire dust to be a minor contributor of particulate matter when compared to break wear. Brake dust has been recognized as a significant source for Cu, Sb and Ba in aerosols, and contributed 47% of the total loading for Cu in urban runoff (Sternbeck et al., 2002) . Yellow paint contributed from 0.3 to 1.0% of the airborne dust in Niigata, Japan (Fukuzaki et al., 1986) . These and other studies have addressed traffic-related PM emissions in the context of air quality and human health, but only a few studies have focused on the occurrence and the materials properties of the NM fraction of these releases (Thorpe and Harrison, 2008; Uibel et al., 2012) .
Pathways and transformations of NMs in the urban environment
Once primary NMs are released from nano-enabled products or incidentally created, they can enter several pathways in the outdoor urban environment. The pathway most important to potential human health effects is the atmospheric PM pathway (Grobéty et al., 2010) . PM may be present as individual particles (also known as externally mixed) or attached to larger particles (also known as internally mixed). Atmospheric particles may become coated with semi-volatile organic matter (SVOCs) and reactive volatile organic compounds (VOCs) as they age. PM presents a large surface area that provides sites for a variety of heterogeneous photochemical reactions in the atmosphere, which are primarily driven by the presence of free radicals and UV radiation and are likely to be mediated by wet (cloud, fog) conditions (e.g., acid-base reactions) (George et al., 2015) . The physical and chemical characteristics of evolving PM in the atmosphere may vary greatly depending on the source and subsequent transformations in the atmosphere.
The transport and fate of NMs in the atmosphere is largely dictated by their size. Particles smaller than ~120 nm (Knudsen number < 1) are much more susceptible to diffusion due to Brownian motion than to gravitational settling, so these particles are not lost from the atmosphere by deposition. Rather, the small residence time of NMs in the atmosphere is due to the fact that they quickly grow by coagulation to each other and to larger particles, resulting in an increase in particle size with a decrease in the number concentration (Clarke et al., 2004; Gidhagen et al., 2004; Seinfeld and Pandis, 2012) . NM size growth rate is dependent on chemical and physical conditions of the particles and the surrounding environment. Nie et al. (2004) reported particle growth rates averaging 14 nm h -1 for particles 30 -50 nm in diameter during dust events (averaging about 300 µg m -3 PM10) and about 7 nm h -1 on non-dust days (averaging 64 µg m -3 PM10). Once NMs grow into or become attached to larger particles, they reach the aerosol accumulation mode (~100 -2,500 nm), thus called because the removal mechanisms (e.g., deposition by diffusion and gravitational settling) are not as effective in this size range. PM in this size range can remain in the atmosphere for extended periods of time, from days to weeks (Kreidenweis et al., 1999) and thus are subject to long-range (transboundary to inter-continental) atmospheric transport. For example, PM generated by dust storms in northern China has been reported to reach the Pacific Ocean and beyond (Han et al., 2015) , and Saharan desert dust is known to reach Europe (Salvador et al., 2013) , and well as North and South America (Prospero, 1999a; Prospero, 1999b) in significant concentrations.
Accumulation mode particles can grow further by condensation of low-volatility compounds, or shrink by evaporation if the vapor phase concentration is low. These two processes can induce variation in particle size distribution but not the overall number concentration (Zhang et al., 2005) . These particles can also become diluted by mixing with cleaner air. For example, vehicular exhaust particles may mix upward with less polluted air, leading to a reduction in the number concentration and generally an increase in particle size (Zhang et al., 2005) . This mixing is dictated by local meteorological conditions in cities, such as wind speed and direction, and the atmospheric stability within the urban canopy layer, which extends to about twice the average building height (Goel and Kumar, 2015) .
NM-containing PM can be removed from the atmosphere through dry or wet deposition, processes that can typically take several days, or through further growth into the coarse aerosol mode (1 -2.5 μm) which results in deposition by gravitational settling (George et al., 2015; Seinfeld and Pandis, 2012) . Deposited PM is likely to be internally and externally mixed with NMs and their aggregates. Dry deposition results in the removal of larger particles by gravity, whereas smaller particles can be removed from the atmosphere more efficiently by wet deposition. Gunawardena et al. (2013) demonstrated that bulk (wet plus dry) deposition contains a higher percentage of smaller particles compared to dry deposition, which is attributed to the ability of rainfall to scavenge fine particles in the atmosphere which do not easily settle under gravity due to buoyancy and drag forces (Gunawardena et al., 2013) .
Due to the dominance of impervious surfaces in the urban environment, significant amounts of NMs are expected to deposit on those surfaces through both wet and dry deposition. Once particles deposit on impervious surfaces, they may get re-suspended into the atmosphere for various lengths of time or they may be washed away with rainwater. Atmospheric deposition may also result in these NMs reaching green spaces and/or soils and waterways, where they will add to the INMs and ENMs already in place.
Once NMs and their aggregates are mixed with rainwater, they become susceptible to transformation processes typically occurring in aquatic systems Peijnenburg et al., 2015) . Depending on the rain water chemistry and NM properties, these transformations may result in loss or replacement of surface coating formed in the atmosphere, further aggregation of NM, release of NMs by disaggregation of NM aggregates or detachment from the carrying substrates, dissolution and release of ionic species, precipitation of released ionic species, sulfidation in anoxic waters (e.g. stormwater pipeline; (Kaegi et al., 2013) ), sedimentation, and advective transport with the stormwater runoff. Additionally, the rates of these transformations likely depend on particle/water ratio, and duration of dry period and intensity and duration and intensity of storm events, due to the concentration-dependent behavior of particles and ENMs (Baalousha et al., 2015b) . However, these processes have not been specifically studied for urban dust particles (NMs and PM deposited on impervious surfaces).
In urban areas, in many parts of the developed world, water runoff is typically retained in stormwater ponds to mitigate flooding, where NMs may undergo further transformations as discussed above. However, stormwater ponds discharge their water to adjacent surface water bodies without any treatment to remove NMs. Stormwater ponds are passive units that remove contaminants (including NMs) by passive sedimentation. Aggregated NMs and those attached to larger substrates are likely to be removed in stormwater ponds by sedimentation, where they may undergo further transformations (e.g., sulfidation) due to the anoxic conditions in the sediment. If released by disaggregation, NM may get re-suspended in the water column or travel with groundwater through the underlining soil. Individual NMs (either released from aggregates by disaggregation or sterically stabilized NMs) in the water column may remain suspended for extended periods of time and can be discharged to the receiving surface waters.
Dissolved species released by dissolution of NMs will be either released to the receiving surface waters or travel to groundwater, another important area that deserve further in-depth investigation. For instance, Duester et al. (2014) suggested that in cities with a state of the art sewer infrastructure, a fraction of NMs will be directly discharged to surface waters or to treatment facilities (e.g. constructed wetlands) through stormwater overflow during heavy rain events. Here, we further suggest that the stormwater system in general acts as a major vector of NMs from the urban environment; stormwater detention/retention ponds also act as a conveyer of NM to the environment (surface water, sediment, and groundwater). Nevertheless, the literature is short on studies investigating the occurrence and behavior of NMs in stormwater system.
The potential transformations of NMs in stormwater systems discussed above have not received much attention. However, NM transformations have been extensively investigated in the context of WWTPs, as exposure models predicts that WWTPs are one of the major conveyers of ENMs to surface and potentially groundwater. Numerous studies have demonstrated that the majority of ENMs (>95% by mass) in WWTPs are removed in the biosolids and only a small fraction will be released with the effluent to the receiving surface waters (Kent et al., 2014; Kiser et al., 2009; Ma et al., 2014a; Westerhoff et al., 2011) . Also numerous studies demonstrated the sulfidation of different types of ENMs (e.g. Ag and ZnO) in WWTPs, limiting the release of ionic species (Kim et al., 2014; Kim et al., 2010; Levard et al., 2012) . However, due to the obvious differences in the chemistry of stormwater and wastewater, NMs should be expected to undergo different transformations in stormwater systems compared to waste water systems and within WWTPs (Barton et al., 2015; Brar et al., 2010; Doolette et al., 2013; Kaegi et al., 2013; Kaegi et al., 2011) , and the rates of these transformation processes are likely to be different, requiring further research. For instance, urban water runoff systems have lower concentrations of sulfide compared with waste water systems including within WWTPs. Thus, sulfidation of metal and metal oxide NMs (e.g. Ag, CuO, ZnO; (Baalousha et al., 2015a; Levard et al., 2011; Ma et al., 2014a; Ma et al., 2013; Ma et al., 2014b) ) is less likely to occur in stormwater runoff compared with WWTP, which may not totally prevent NM dissolution and release of ionic species (Baalousha et al., 2015a) . 
Case study 1: Nanomaterials in atmospheric particulate matter
As suggested above, atmospheric PM is a widespread form of air pollution that is of great concern due to its adverse effects to the environment, climate, and health. In 2013, the International Agency for Research on Cancer (IARC) classified PM as carcinogenic to humans.
Over the past three decades, a large body of scientific literature has provided evidence of associations between short-term (hours, days) and long-term (months, years) exposure to PM and increased mortality and hospitalization, attributed to cardiovascular and respiratory diseases (WHO, 2013). PM 2.5 (fine particulate matter, aerodynamic diameter equal or less than 2.5 μm) is associated with a stronger risk factor than PM 10 (aerodynamic diameter equal or less than 10 μm) in terms of cardiopulmonary mortality (Beelen et al., 2014) . Recently, PM 2.5 was estimated to lead to 3.3 million premature deaths per year worldwide (Lelieveld et al., 2015) .
Airborne NMs can reach the alveolar region of the respiratory system and translocate via the bloodstream to other organs, including the heart and brain (HEI Review Panel on Ultrafine Particles, 2013; Oberdörster, 2010) , which indicates that the NM fraction of PM may be responsible for much of its observed toxicity. Airborne NMs can interact strongly with other toxins due to their large specific surface area per unit volume. Kumar et al. (2010) suggest that particle number concentrations of PM are an important metric to represent the toxic effects, and that particle composition and diameter could play a major role in the pathogenesis (Kumar et al., 2010) . One needs to keep in mind that particles less than about 50 nm in size can make up roughly 90% of all PM particles by number (Buseck and Adachi, 2008) .
There is much to learn from the chemical composition, mineralogy, and properties of NMs in atmospheric particles. In this context, electron microscopy (EM) techniques, such as scanning transmission electron microscopy (STEM) and scanning electron microscopy (SEM), coupled with EM accessory capabilities such as energy-dispersive X-ray spectroscopy (EDX) and selected area electron diffraction (SAED), have been recognized by the scientific community as powerful tools to provide detailed information on NM properties. TEM micrographs with image analysis provide information on NM size and morphology; EDX enables measuring NM elemental composition; and SAED (similar to x-ray diffraction, XRD) enables the identification of the crystal structure of the particle (Capannelli et al., 2011; Quadros and Marr, 2010; Kim and Hochella, 2015) .
In this case study, we applied transmission electron microscopy (TEM)-SAED/EDX to characterize PM 2.5 samples collected during a hazy day and a clear day in Shanghai, China, by using a low-volume sampler (Minnivol_Tactical Air Sampler) at a rate of 8 L min -1 . The metal concentrations in PM 2.5 were analyzed by ICP-MS and summarized in Table S4 . Metal concentrations are several folds (3 to 97 folds) higher during a hazy day compared with a clear day. Besides fly ash and soot, metal oxides were found to be ubiquitous in PM 2.5 , among which iron oxides were most frequently found. Iron oxide NMs had sizes in the range of 5-150 nm and were found to be typically coated with carbonaceous materials or embedded in a carbon matrix.
Figure 2
shows an image and the elemental maps of typical aggregates found in the PM 2.5 collected during the hazy day, which contained iron oxides (Figure 2c and 2h) , lead sulfide ( Figure 2f and 2i) , and calcium silicate (Figure 2c, 2e, and 2g ). Using SAED, we determined that iron oxides had d-spacings of 4.8 and 2.9 Å, which is comparable to those of the (1 1 1) and (2 2 0) planes of magnetite (Bosi et al., 2009) . Magnetite is a widely used material for fabricating steel and it is also identified in fly ash derived from high-temperature fossil fuel combustion.
Additionally, magnetite has been found in urban dust samples (Elzinga et al., 2011; Xia et al., 2008; Zhang et al., 2011) and in vehicular exhaust emissions (Abdul-Razzaq and Gautam, 2001) . We found magnetite NMs embedded in PM 2.5 samples collected during both hazy and clear days in Shanghai, indicating that they likely originated from vehicle exhaust. However, the possible input from coal ash burning and industrial iron/steel production cannot be ruled out.
Elevated lead concentrations were found in PM 2.5 taken in both hazy and clear days. It is notable that Pb concentration in PM 2.5 samples taken during the hazy day (900 μg m -3 ) exceeded the World Health Organization (WHO) guideline (500 μg m -3 ). Galena (PbS) NMs (ca.100-200 nm) in cubic or rounded shapes were found in the PM 2.5 samples collected on both clear and hazy days (Figure 2) . The occurrence of galena may be best explained as the primary form of lead associated with mining waste (Hemphill et al., 1991) and can be released by leadassociated smelters (Beeston et al., 2010) . Smelter activities are also implicated because lead has been banned as a gasoline additive in China. It should be noted that the annual concentration of atmospheric Pb in China decreased by 74% due to this ban (Li et al., 2000) .
However, coal combustion is now also a major source of anthropogenic atmospheric lead (Duan et al., 2012) .
This case study demonstrates an application of TEM-SAED/EDX for the characterization of PM samples according to size, morphology, chemical composition, and crystal structure to give insights into their potential sources and health implications.
Similar studies as the one just described provide interesting information for comparison. Li Zn were found to be interspersed in soot that originated from non-exhaust processes like brake and tire wear and road dust resuspension. Soot aggregates, minerals and fly ash were identified as dominant anthropogenic NMs in PM 2.5 in Guangzhou, China (Feng et al., 2009) . Finally, based on an analysis of 834 individual aerosol particles also collected over the city of Shanghai, polymeric organic compounds, soot, tar balls, and biogenic particles were found to be the main carbonaceous constituents in this particular urban environment (Fu et al., 2012) .
Case study 2: Nanomaterials in stormwater ponds Urban stormwater ponds may receive NMs from multiple sources via stormwater runoff and wet/dry atmospheric deposition. The original sources include industrial emissions, exterior façades or painted surfaces, vehicles (exhaust and non-exhaust emissions), among others.
However, the presence and fate of NMs within stormwater ponds has been generally overlooked, despite the significance of stormwater ponds as an important man-made hydrogeochemical feature in the urban environment and as a conveyer of contaminants to surface waters, soils and groundwater. For instance, the number of stormwater ponds across the United States has been estimated to be between 2.6 to 9.0 million with densities in some areas exceeding five per km 2 . Therefore, their impact is comparable in magnitude to that of larger reservoirs, both in term of surface area and sedimentation (Renwick et al., 2006) .
To demonstrate the occurrence and types of NMs in stormwater ponds (Pond description and characteristics are summarized in Table S5 ), something that to our knowledge has never been attempted before, water and sediment samples were collected from both stormwater ponds with the surrounding high density (HD) urban development and with surrounding green space (GS) within the city limits of Durham, North Carolina, USA (Figure S1) . Water (<0.45 µm; Table S6 ), suspended particulate matter and sediment samples (Figure S2-S3) were analyzed for metal concentrations. Detailed information of the sampling and metal concentrations is described in the supporting information. Briefly, metal concentration in the water fraction <0.45 µm are generally low (Table S6 ). SPM and sediments are rich in metals (Figure S2) and SPM have generally higher metal concentration compared to sediments from the same pond, suggesting that metals occur mainly in particulate form (e.g. NMs and micron-sized particles) in stormwater ponds. For instance, taking Zn as example, although Zn was only detected in water samples (< 0.45 µm) of two ponds, elevated Zn concentrations were found in both the SPM and sediment samples in all ponds. This indicates that metals in stormwater ponds, such as Zn, occur mainly in a particulate form (e.g. NMs and micron-sized particles) in the SPM, and these particles settle out from the water column to the sediments. Below we focus on direct identification of the NMs found using STEM, EDS, and SAED.
Various nano-sized iron oxides (hematite, goethite and magnetite; see Figure 3a -e) were identified in suspended particulate matter (SPM), that is, in the water column of the pond, and in the pond sediment. More interestingly, Figure 3g shows an aggregate of pseudo-hexagonal platelets. These NMs have minor sulfur content with d-spacings of 2.49 Å and 1.46 Å, which is very close to that expected for green rust (Fe 2 (OH,SO 4 ) 4.88 (Johnson et al., 2015) .Given the specific morphology and element composition (Christiansen et al., 2009; Johnson et al., 2014; Wankel et al., 2012) , this green rust most likely formed in a reduced environment in the stormwater pond, which is consistent with iron sulfide NMs also found in the sediment of this pond. Green rust platelets are known to be very unstable under oxic conditions, which helps explain why they are rarely observed although they are thought to be relatively common.
However, they are also highly reactive (Choi and Batchelor, 2008; Hansen, 2001; Zegeye et al., 2014) .
Figure 3
Titanium oxides, including anatase (Figure 4a and b) and rutile (Figure 4d) , were found in all samples taken from stormwater ponds. Figure 4a shows an example of anatase found in colloidal fractions. The HRTEM image (Figure 4b) together with the SAED pattern (Figure 4c) show that these particles are anatase with primary size of 10-20nm. Aggregates of larger anatase particles were also ubiquitous in stormwater ponds. Rutile was also ubiquitous in SPM and sediments collected from HD stormwater ponds. For example, Figure 4d illustrates a large aggregate of rutile nanorods with primary particle size of 10-100 nm width. In addition, trace elements such as Al, Cr, Fe, and Pb were observed to be associated with rutile aggregates. The occurrence of TiO 2 NMs in all types of stormwater ponds is not surprising given that they can occur as natural NMs, but also due to its wide production and use in the outdoor urban environment in paints and in self-cleaning surfaces.
Figure 4
Zinc oxides NMs were identified in the colloidal fractions with a primary size of about 100-200 nm (Figure 5a) . The crystal structure was consistent with zincite, as identified by SAED 18 which showed a d-spacing of 2.47Å matching that of the zincite (101) plane (Figure 5b) . In addition, ZnO was only found in SPM and sediments taken from two stormwater ponds (HD-C and GS_C) with primary particle size of 50-200nm, and the DO contents in these two ponds are higher compared to other stormwater (Table S1 ). The occurrence of ZnO in the water column in the stormwater pond is not surprising, because ZnO NMs are widely used in a range of applications, such as fillers in rubber industry, as component of creams, as powders in the pharmaceutical and cosmetic industries, and as absorbers of UV radiation in the sunscreen and textile industries (Kolodziejczak-Radzimska and Jesionowski, 2014) . It is also used as an additive in tire rubber, released to roadways with wear.
Figure 5
ZnS NMs were detected in all the SPM and sediment samples from urban HD and GS ponds. The ZnS NMs, as small as 5 nm in diameter (Figure 5f) , are typically aggregated resulting in grains that are 100 nm to a few hundred nm in size (Figure 5e) . The observed ZnS NMs are in random crystallographic orientations, which lead to a diffuse ring pattern in the SAED as shown in Figure 5g . Observed d-spacings are 3.11, 1.91 and 1.63 Å, matching sphalerite (111), (220) and (311) repeats, respectively (Skinner, 1961) . Trace metals, including Al, Fe, Co, Cu and Pb were found associated with sphalerite aggregates.
In these ponds, the occurrence of ZnS NMs may result from the sulfidation of ZnO NMs via bacterial sulfate reduction. Also, it has been shown in previous studies (Ma et al, 2013; ; Hochella et al., 2005) that ZnO NMs readily transformed to secondary, minute ZnS NMs when exposed to sulfide under anoxic environments. In the ponds sampled for this study, anoxic niches likely developed within stormwater ponds where surface runoff was mild. We also observed apparent methane seeps suggestive of methanogen activities in GS-A, GS-B, and HD-B.
Soot aggregates with diameters of a hundred nanometers up to 1 micron were observed in the SPM and sediment samples in all ponds. These carbon-rich particles are often associated with trace metals, such as Al, Fe, Mn, Cu, and Zn. Furthermore, in SPM and sediments from HD-D, we found Zr-and Si-rich NMs with a d-spacing of 3.30 Å, matching the zircon d-spacing for (200). These zircon-NMs showed the primary size of 100-200 nm (Figure S5a) , with association of trace amounts of Al, Fe, Co, Cu, Pb and Bi. Zircon is an accessory but very important mineral occurring in igneous, metamorphic and sedimentary rocks, such as coal, and it is highly resistant to weathering. The zircon in our samples may be from coal, in that it has been reported in coals (Wells et al., 2005) , and its association with trace amounts of Bi and Pb suggest their coal-related origins.
CePO 4 NMs were found in most of the urban pond samples (Figure S5c) , which could result from the weathering of Ce-bearing minerals such as allanite [Ce 2 (Al) 3 (SiO) 4 OH].
Biotransformation of CeO 2 to CePO 4 could be another possibility, and the dissolution of CeO 2 into Ce 3+ and precipitation with phosphate can result in the occurrence of CePO 4 around the roots of plants . These CePO 4 NMs are associated with Fe, Mn and Cu.
Not surprisingly, most NMs from HD and GS stormwater ponds discovered and described above are observed in both the SPM and pond sediments. For example, zinc oxides, magnetite, and soot would not likely be natural components of the underlying pond soil, but most likely added to the ponds by atmospheric deposition or incoming surface runoff. Therefore, they start in the SPM, but aggregation will help them eventually reach the sediment below. Other NMs observed, like zircon, hematite, goethite, sphalerite, and green rust, may be from the underlying bedrock or soil forming processes, in which case we would not expect them to be in the SPM except due to entrainment of bottom sediment into the water column during excessive water flow (e.g., during severe storms). However, except for green rust, they could also have been transported into the ponds via atmospheric or surface runoff pathways.
Those NMs in the SPM of the stormwater ponds will be transported to surface waters down hydrologic gradient with water discharge, resulting in exposure to a wide range of environmental organisms downstream, or through groundwater flow. It should also be kept in mind that stormwater ponds are designed to be "passive treatment systems", which have been used largely to mitigate flooding by increased urban runoff, but also to prevent contaminants from entering surface waters. According to regulations in most urban areas, these ponds are supposed to be dredged to remove sediments that could provide metals of concern to downstream environments (e.g., Pb, Zn, Cu, and Co in the examples described here). However, this is rarely the case and often they are not dredged. If untreated, contaminants (including NMs) that accumulate or are generated in stormwater ponds have a downstream disruption/pollution potential.
Case study 3: PGE NMs in the environment
This case study discusses the data available in the literature on source, release, environmental fate and potential impact of PGE NMs. Catalytic convertors containing platinum 20 group elements (PGE, e.g. Pt, Pd and Rh) were introduced with the purpose of reducing the emission of pollutants such as CO and NO x from exhaust gases of the vehicles, by converting them to less toxic gases such as CO 2 and NO 2 (Ravindra et al., 2004) . However, the emission of Pt derived from the abrasion and deterioration of catalytic converters has resulted in an increase in airborne particulate matter with size < 2.5 µm (PM 2.5 ) (Morton-Bermea et al., 2014) , in surface waters like stormwater ponds, rivers and lakes, especially in urban areas (Prichard et al., 2008) , and even more widely throughout the urban environment (Barbante et al., 2001; Barefoot, 1999; Bowles and Gize, 2005; Cinti et al., 2002; Ravindra et al., 2004) .
Early efforts to study air born particles focused on the occurrence of Pt in PM 2.5 and PM 10 ,
and several studies have concluded that distribution patterns of PGE among PM size fractions were inconsistent (Gómez et al., 2001; Wiseman and Zereini, 2009 ) because these studies focused on the total PGE element concentration rather than on the form of PGE elements in particulate matter. More recently, several studies have demonstrated the occurrence of PGE as NMs. PGE's have been shown to occur in road dust and gully waste as NMs and micron sized particles attached to larger particles (wash coat of catalytic converters), and the source of these particles have been attributed to their release from catalytic converters. These PGE NMs and sub-micron sized particles can be detached from larger particles, becoming separate particles/NMs (25-300 nm in size; Prichard and Fisher, 2012) . Thus, once detached from the wash coat, the PGE particles/NMs may travel through the surface environment as atmospheric or aqueous NMs. However, identifying individual PGE particles/NMs in sediments and surface waters further from the road dust source would be difficult due to their low concentrations. PGE NMs may also form aggregates and settle in surface waters. Significant contamination of PGE has been observed in sediments located in close proximity to storm drains following the sequence Pt (10.3-24.5 ng g -1 ) > Pd (5.9-12.6 ng g -1 ) > Rh (0.82-2.85 ng g -1 ) > Ir (0.11-0.23 ng g -1 ) (Sutherland et al., 2015) . In this study, enrichment factors follow the sequence Rh (25.3) >> Pf (6.9) = Pt (6.8) >> Ir (2.3) indicating significant anthropogenic contamination of Rh, Pt, and Pd and a geogenic source of Ir. These findings suggest that PGE NMs (and other NMs released in the urban environment) are likely to end up in sediments in stormwater detention ponds and receiving creeks; however, this hypothesis requires further investigations.
PGE-bearing NMs have been also found in the feathers of raptors where laser ICP-MS analysis indicate that nanometer sized (dominantly 5-15 nm together with a few larger particles in the 2.5-5 μm range) particles of Pt or Pd can be attached (Jensen et al., 2002) . This study demonstrates a bioavailability/mobility gradient of Pd > Rh ≥ Pt as Pd contamination of feathers is both external and internal, whereas Pt and Rh contamination is predominantly external (Jensen et al., 2002) . Further, PGE NMs are far from inert in the surface environment; as the PGE particles are dispersed, they may dissolve (Bowles and Gize, 2005) . Pt, Pd, and Rh form soluble chloride complexes and the addition of salt to roads during icy conditions may facilitate the solubility of these PGE particles (Cosden et al., 2003) . Consideration of the possible health effects of PGE from vehicle exhaust has centered on inhalation of the particles or absorption through the skin (Bowles and Gize, 2005) . Pt has been observed to cause adverse health effects that have been summarized elsewhere (Ravindra et al., 2004) . Intake from drinking water or from food produced using PGE-bearing water should now also be investigated (Bowles and Gize, 2005) .
This case study demonstrates the release of PGE NMs from catalytic convertor technology, their occurrence in atmospheric particulate matter as well as in stormwater runoff and receiving surface waters, and their interaction with the biosphere. This case study provides a good example of the potential behavior/interactions of INMs and ENMs in the environment, and the potential environmental implications of nanotechnologies in an urban setting.
Environmental Implications and Future Directions
Clearly, nanotechnologies are widely used in the outdoor urban environment in a vast range of applications. These applications are expected to increase in the near future and to significantly increase in the long-term, because such applications are practically endless. Nanotechnology continues to infiltrate the vital economic sectors of medicine, security, sanitation/environment, construction, electronics, and transportation, all sectors that are strongly present in urban areas. However, as discussed above in the Introduction and Applications sections of this paper, relatively little attention has been given to the release and fate of ENMs and many types of INMs from these emerging applications as they are dispersed into a very wide range of outdoor urban environmental compartments, and then often into surrounding and sometimes distant non-urban areas. Even now, released and transformed ENM and INM populations abound in outdoor urban areas. In addition, complex chemical, structural, size, and shape factors of ENMs and INMs are expected to play an "invisible", yet significant role in the human quality of life in these urban settings. It is well known that within the nanoscale, even subtle changes in size and shape of NMs can result in dramatic differences in environmentally relevant reactions (Madden et al., 2006; Hochella et al., 2012) .
Likewise in the atmospheric urban compartment, where many types of nanomaterials have been monitored and tracked for some time, new ENM technologies will modify this domain, and the connections between the atmospheric and other compartments (e.g. the vast array of urban surfaces, urban plants and soils, and water runoff systems, including stormwater ponds) should be explored and understood. In addition, INMs in urban settings originating in both localized (e.g., factory) and overarching (e.g., a city-wide transportation) urban systems and components continue to evolve from legacy all the way to future enterprises. Stepping back and contemplating this in a wider context, we remind ourselves that the general field of urban geochemistry is celebrating its third decade of study. Yet this field is far from mature (Lyons and Harmon, 2012) . On the other hand, the study of the environmental impacts of urban NMs is clearly in its infancy.
Based on both literature review and experimental analysis, here we have identified and reported a wide variety of urban NMs in atmospheric particulate matter (PM), dust on impervious surfaces, stormwater pond waters and sediments, and in urban surface waters such as urban lakes. Certain basic conclusions can already be put forward based on this information that were not clearly apparent before. For example, all three case studies described above suggest that stormwater ponds act as an important conveyer for a wide range of NMs in the urban environment. Interestingly, this includes stormwater ponds in urban green space areas.
NMs may be transported through urban stormwater flow, but also through atmospheric deposition. Given the extraordinary numbers of stormwater ponds in the United States and around the world, the occurrence and transport of NMs through stormwater ponds is likely to have a significant impact on the biogeochemistry or aquatic ecosystem of the broader watershed; this warrants further study on the occurrence, behavior and environmental risks of NMs in urban stormwater ponds. This is just one of the many aspects of hydro-engineering and geology of water movement in urban areas (Wong et al., 2012) . Many other aspects need to be carefully examined, such as stormwater runoff sewers that empty directly into streams and rivers, as well as runoff that is directed into wastewater treatment plants.
Long-term research in the emerging field of outdoor urban nanomaterials should include, but not necessarily be limited to: 1) continuing to identify, characterize, and potentially quantify ENMs and INMs in all urban environmental compartments (i.e., air, impervious surfaces, and surface waters); 2) tracking the movement and transformations of ENMs and INMs within and between these compartments in the full range of urban environments; 3) investigating the fate, pathways, and transport of urban NMs into surrounding non-urban environments; 4) developing analytical tools and methodologies to differentiate and quantify natural, engineered and incidental NMs and further to determine the sources of NMs in the environment; 5) assessing the interaction and toxicity of NMs (and mixtures of NMs and trace components carried by NMs) 23 to all sectors of the biosphere within the urban environment; 6) exploring ways to mitigate and/or eliminate the most adverse bio-disrupting aspects of ENM and INM interactions within the urban environment; and 7) re-investigating the geochemical cycle of, e.g., metals, taking into account the significant occurrence of these metals in the form of NM components in the urban environment. 
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